In this paper we present a case study of integrated ecosystem and economic accounting based on the System of Environmental Economic Accounting -Experimental Ecosystem Accounts (SEEA-EEA). We develop accounts, in physical and monetary terms, for the water purification ecosystem service in Europe over a 20-year time period . The estimation of nitrogen retention is based on the GREEN biophysical model, within which we impose a sustainability threshold to obtain the physical indicators of capacitythe ability of an ecosystem to sustainably supply ecosystem services. Key messages of our paper pertain the notion of capacity, operationalized in accounting terms with reference to individual ecosystem services rather than to the ecosystem as a whole, and intended as the stock that provides the sustainable flow of the service. The study clarifies the difference between sustainable flow and actual flow of the service, which should be calculated jointly so as to enable an assessment of the sustainability of current use of ecosystem services. Finally, by distinguishing the notion of 'process' (referred to the ecosystem) from that of 'capacity' (pertaining specific services) and proposing a methodology to calculate capacity and flow, we suggest an implementable way to operationalize the SEEA-EEA accounts.
Introduction
Integrated assessments of economic, social and environmental impacts are key to supporting public and private sector decisions related to land and water resources. An essential part of integrated assessments is the identification of the links between ecosystem functions and processes and human wellbeing, a task to which theoretical frameworks, principles, definitions and classifications have been devoted by numerous studies (e.g. Millennium Ecosystem Assessment, 2005; The Economics of Ecosystems and Biodiversity, 2010; Daily et al., 2009; Diaz et al., 2015) .
A number of policy initiatives have incorporated ecosystem service quantification and valuation. For example, the Europe 2020 strategy has the manifest intention of mainstreaming environmental issues into other policy areas (European Commission, 2011a , 2011b by preserving the resource base (defined as the capacity of ecosystems to provide services that, in turn, provide benefits to human beings) required to allow the economy and society to function (European Commission, 2011a) . The EU Biodiversity Strategy to 2020 (European Commission, 2011b) includes ecosystem services alongside with biodiversity, to highlight the key role of ecosystems in biodiversity protection. In particular Action 5 of the Strategy requires that ecosystem service assessment and valuation be integrated into accounting and reporting systems, so as to relate environmental assets to other statistics and data on environmental, economic and social characteristics already used by analysts and policy makers. At all levels, a fully integrated economic and environmental analysis is increasingly recognised as crucial for policy design and implementation.
To meet this call, national statistical offices and international agencies have been working on ways to make national accounting and reporting systems more inclusive of ecosystems. 1 Traditional national economic accounts based on the System of National Accounts (SNA), developed 50 years ago when little thought was given to environmental damage, do not consider ecosystem assets and services. Although there have been some revisions, 2 the SNA does not yet account for the degradation and depletion 3 of natural resources. Over the last 40 years a number of efforts have been made to develop methods that integrate traditional macroeconomic indicators with environmental information (Hecht, 2007) . In the early 1990s the statistical unit of the United Nations proposed a single System for Integrated Environmental and Economic Accounting (SEEA) (Bartelmus et al., 1991) as a way to standardize different frameworks and methods. The original 1993 SEEA handbook (UN, 1993) focused on the adjustment of existing macro-indicators. The subsequent SEEA 2003 framework comprised four categories of accounts, made up of several environmental accounting modules (UNSD, 2003) . More recently, the SEEA Central Framework (SEEA-CF), which covers the main component of the physical environment (air, water and land), is being adopted as an international statistical standard (UN 2014a) .
Natural resource accounts, however, only tell part of the story, because ecosystems are a lot more than just land and water. An ecosystem is an interconnected and interacting combination of abiotic (land, water) and biotic (biodiversity) components, and the depletion of its stock -the natural capital -may cause the loss of multiple services now and in the future. This is the reason why ecosystem accounts, aimed at monitoring the capacity of ecosystems to deliver services, are the focus of increasing attention within economic-environmental accounting Remme et al., 2014; Busch et al., 2012; La Notte et al., 2011) .
The Land and Ecosystem Accounting framework (LEAC) is an early attempt at ecosystem accounting (Weber, 2009; EEA, 2006 EEA, , 2010 EEA, and 2011 . In LEAC the consumption of natural capital, considered as the asset, is measured as the restoration cost required after intensive exploitation and/or insufficient maintenance. However, the LEAC framework does not incorporate direct measurement of ecosystem services. A white cover version of the SEEA-Experimental Ecosystem Accounts (SEEA-EEA) was released in June 2013 and officially published in 2014 (UN, 2014b) , developed and recommended by the United Nations, European Commission, World Bank, OECD and FAO. The SEEA-EEA is an experimental accounting framework to be reviewed in light of country experience and conceptual advances. The framework is intended for 'multidisciplinary research and testing' (UN, 2014b) and urgently calls for applications and case studies. SEEA-EEA Technical Guidelines were released in April 2015 and made available for global peer review in December 2015 to support national efforts at ecosystem accounting (UNEP et al. 2015) .
The Technical Guidelines state that central in applying the SEEA-EEA framework to 'support discussion of sustainability' is the concept of capacity (ref. Section 7.44 UNEP, 2015) . The notion of capacity is important to assess the integrity/degradation of the ecosystem in relation of how ecosystem services are used and managed. However, some aspects of the notion of capacity in the SEEA-EEA have not been tackled in a definitive way. Specifically: i) whether to attribute the notion of capacity to the ecosystem as a whole or to each individual ecosystem service, and ii) whether to consider ecosystem service supply independent of service demand. There is the need to address these questions because some assumptions regarding capacity are required in order to set up a complete and consistent accounting system. Our paper investigates these two questions by applying the SEEA-EEA to the regulating ecosystem service of water purification in Europe, using in-stream nitrogen retention as a proxy for water purification. To our knowledge this is the first application of SEEA-EEA based approaches to ecosystem services measurement at a continental scale.
We begin with a brief introduction to the SEEA-EEA framework (Section 2.1), followed by the description of how the water purification ecosystem service is quantified here to be consistent with SEEA-EEA principles (Section 2.2). The results (Section 3) are expressed in terms of the SEEA-EEA procedure. The challenges raised by our case study and discussed in Section 4 aim at developing a notions of capacity able to link the accounting principles of stock and flows with ecosystem services, considering that the definition of capacity as join concept between ecology and economy is still a matter of debate.
Methods

Accounting for regulating ecosystems services: concepts and definitions
The SEEA-EEA framework contains ecosystem service accounts and ecosystem asset accounts for individual services and assets. As in all conventional accounting frameworks, the basic relationship is between stocks and flows. Stocks are represented by ecosystem assets. Ecosystem assets are defined as 'spatial areas containing a combination of biotic and abiotic components and other environmental characteristics that function together' (UN, 2014b) . Ecosystem assets have a range of characteristics (such as land cover, biodiversity, soil type, altitude, slope, and so on). In accounting there are two types of flows: the first type of flow concerns changes in assets (e.g. through degradation or restoration), the second type of flow concerns the income or production arising from the use of assets. The accounting for ecosystem services regards the second type of flow although consistency is needed with the flow representing changes in ecosystem assets. According to the SEEA-EEA (UN, 2014b), the flows can be within an ecosystem asset (intra-ecosystem flow) and between ecosystem assets (inter-ecosystem flows). The combination of ecosystem characteristics, intra-ecosystem flows and inter-ecosystem flows generates ecosystem services that impact on individual and societal wellbeing.
In the SEEA-EEA tables are grouped in ecosystem assets and ecosystem services. Accounts for ecosystem assets record changes in the stocks, for example using area estimates. Accounts for ecosystem services record the flow of ecosystem services and their use by beneficiaries. Accounting for the capacity of an ecosystem to generate services is critical for determining whether the flow of an ecosystem service for human benefit is sustainable. By means of indicators describing ecosystem condition or quality, it should be possible to assess how changes in the stock of ecosystem assets affect such capacity. Indeed, the SEEA-EEA Technical Guidelines include within the ecosystem accounts an 'ecosystem capacity account' that should be compiled. As far as we are aware, however, there are no examples of ecosystem capacity accounts.
In order to make ecosystem capacity accounts operational, there needs to be clear definitions of key concepts and methods based on robust scientific knowledge on ecosystem functioning as well as on the relationships between ecosystem capacity, ecosystem service flows, and their benefits to humans. Edens and Hein (2013) define ecosystem services, within the context of ecosystem accounting, as the input of ecosystems to production or consumption activities. They make a strong link to economic activities by identifying the direct contribution of ecosystems to the production process. This form of accounting is feasible for provisioning services, where natural/ecological processes are combined with other kinds of capital inputs to produce goods. It is however difficult to apply to the other categories of services (cultural, regulating and maintenance). Edens and Hein (2013) acknowledge that the impact of regulating ecosystem services is external to direct economic activities or to people, stating that 'regulating services can only be understood by analysing […] the specific mechanism through which they generate benefit' (Edens and Hein, 2013, p.44) . Our case study focusses on this point, by measuring the benefits of a regulating servicewater purification.
For reporting purposes it may be necessary to aggregate ecosystem services to reduce complexity. The SEEA-EEA framework proposes 3 Depletion of natural assets recorded in SNA refers only to those natural assets that constitute economic goods. However, SNA does include some natural resources such as energy resources. For those resources the SNA include a measure of depletion in the balance sheets, but not in production or income accounts. three ways to aggregate ecosystem services for inclusion in accounts: i) aggregation of the various ecosystem services within a spatial area; ii) aggregation of a single ecosystem service across multiple areas within a country, and iii) aggregation of all ecosystem services across multiple areas within a country. Our case study falls within the second approach, as we account for a single ecosystem service across multiple river catchments in Europe.
Accounting for regulating ecosystems services: procedure
To align with SEEA-EEA definitions and methods, we use a four step procedure:
1. Identify the ecosystem service classification and the underlying conceptual framework. 2. Quantify in physical terms the targeted ecosystem service. The quantification procedure can range from simple to complex, or can be multi-tiered 4 (Kareiva et al., 2011) because there is presently no reference framework or standard to follow. 3. Translate the quantitative assessment into monetary terms by choosing an economic valuation technique that as much consistently as possible links to the biophysical model. 4. Populate SEEA-EEA tables consistently with the resulting data.
In step 1 we use the Common International Classification for Ecosystem Services (CICES) as proposed in the SEEA-EEA. The underlying conceptual framework is the ecosystem services cascade model (Haines-Young and Potschin, 2010) . In the cascade model the biophysical structure and processes of ecosystems determine their functions, which, in turn, underpin the capacity of ecosystems to provide services. To achieve consistency between the cascade model and the SEEA-EEA framework, it is important to highlight the holistic components that guarantee the flow of individual ecosystem services and which are accounted for in the SEEA-EEA. In the cascade model's function element ( Fig. 1) we distinguish a 'process' which occurs within the ecosystem considered as a whole, and a 'process' which determines the capacity of an ecosystem to generate single ecosystem services. Measurements of ecosystem functions progresses from a holistic measurement (the ecosystem as a whole) to an individual measurement (each ecosystem service). For example, processes such as nutrient and carbon cycling, as well as photosynthesis, operate within the ecosystem as a whole and depend on the condition of the ecosystem. Holistic functioning of the ecosystem and its inherent processes determines the capacity to supply single or multiple ecosystem services. In our application: the holistic process that operate within the ecosystem is nutrient cycling, the capacity is the amount of water purification that the ecosystem is able to provide now and in the future, water purification is the flow of the service provided now.
Step 2 involves the physical quantification of the selected ecosystem service. The approach most compatible with SEEA-EEA to quantify the capacity of the ecosystem to provide a service is to measure ecosystem conditions (from the ecosystem asset set of tables) using indicators such as biomass index and soil fertility. In the SEEA-EEA handbook ecosystem condition provides a link between ecosystem capacity and ability to supply ecosystem services. Here we use a biophysical model to quantify the actual flow of the ecosystem service, i.e. the amount used by society. In the supply-use accounting table the sustainable flow corresponds to the service supply, while the actual flow plus the difference between sustainable and actual flow corresponds to service use. In UNEP (2015) it is in fact left open the possibility to record what flows back to ecosystem units (i.e. the difference between sustainable and actual flow) when the supply of ecosystem service has a 'larger scope' ( § 4.26-F) .
The actual flow of an ecosystem service is not necessarily sustainable. In overfished fisheries, for example, the actual flow exceeds the capacity of the marine ecosystem to maintain the stock, with a resulting declining stock value and the risk of collapse. A sustainable use of ecosystems requires the actual flow of the service to be equal or lower than the maximum sustainable flow that the ecosystem is able to provide. For management purposes it is therefore important to measure or estimate the sustainable flowwhich remains a challenge for regulating services because it is hard to establish thresholds for sustainability.
Here we define capacity as the stock generating a sustainable flow and quantify its value by estimating the Net Present Value (NPV) of the present and future sustainable flow. We think that for accounting purposes capacity should be quantified with reference to single ecosystem services, rather than for ecosystems as a whole. In the accounting terminology, the opening stock in our approach is the capacity of the ecosystem to generate a given specific service, and it is calculated as the NPV of the ecosystem service sustainable flow. The changes to be recorded are the actual flow of the ecosystem service that is used by humans. The capacity is not the maximum theoretical flow the river system can generate for e.g. one year, but it represents the current and future flows measured at a sustainable rate. Capacity is thus intended as a stock (measured with NPV in money terms) and not as a flow. Consistently with these definitions, the actual flow can be higher, equal or lower than the sustainable flow, but not higher than the capacity (i.e. NPV of sustainable flows).
When the actual flow of the ecosystem service is lower than sustainable flow the implication is no degradation. Actual and sustainable flows are separate (but interconnected) tables and maps. In economic terms you might choose to only value actual flow, however the sustainable flow remains whether or not a monetary value is estimated.
If actual flow is lower than sustainable flow the capacity to provide the service remains intact. Conversely, if actual flow exceeds sustainable flow, the stock will be degraded and the capacity will be reduced. Population density, for example, affects capacity only when it drives the actual flow beyond the sustainability threshold, and its specific role can be identified provided it is explicitly included in the modelling equations behind the biophysical assessment. However, it must be acknowledged that the basis for these assumptions about capacity is that there are no other changes in the ecosystem, i.e. we assume that the condition of the ecosystem is not affected by any other changes.
Step 3 translates biophysical quantities into monetary terms. Following the SEEA-EEA guidelines, it is important to distinguish between welfare values relevant in some public policy decision making contexts, and exchange values, relevant in an accounting context. The former include consumer surplus, 5 while the latter considers prices at which goods and services are traded and hence will include the producer surplus. 6 One set of methodologies includes both producer and consumer surplus while the other set includes only producer surplus. Although methodologies based on exchange values might in some cases underestimate the value of ecosystem services (because they do not take into account the consumer surplus), they provide more robust values than those calculated on the basis of subjective preferences. As the focus of ecosystem accounting is on integration with standard economic accounts, ecosystem services should be estimated 4 An example is provided by the MAES (Mapping and Assessment of Ecosystem Services) initiative. In MAES (2012) Tier 1 requires mapping ecosystem services by using available indicators; Tier 2 requires mapping ecosystem services by linking different indicators with land use data; Tier 3 requires mapping ecosystem services through model-based approaches. 5 Consumer surplus is the gain obtained by consumers because they are able to purchase a product at a market price that is less than the highest price they would be willing to pay. 6 Producer surplus is the amount that producers benefit by selling at a market price that is higher than the least that they would be willing to sell for, which is related to their production costs.
with reference to exchange values.
Step 4 reports the physical and monetary outputs in accounting tables in three ways:
1. Accounting for actual flow of services received by economic sectors and households; 2. Accounting for the sustainable flow of services; 3. Accounting for the capacity of ecosystems to provide a sustainable flow of the ecosystem service, calculated as the NPV of the sustainable flow.
Water purification accounts
The empirical objective of this case study is to value the water purification service taking place in rivers in Europe. The retention of Nitrogen (N) from point and diffuse sources is used as a proxy for water purification. Excessive nitrogen loading is a leading cause of water pollution in Europe and globally which makes nitrogen a useful indicator substance for water quality Rockström et al., 2009) . We define N retention as the process of temporary or permanent removal of nitrogen taking place in the river. This includes the processes of denitrification, burial in sediments, immobilization, and transformation or simply transport . According to this definition, N retention varies with the characteristics of the stream and of the living organisms in the aquatic ecosystem (e.g. bacteria, algae, plants), and hence depends on the ecological functioning of the system. Previous studies show that N retention is affected by N concentration in streams. Mulholland et al. (2008) showed that the efficiency of biotic uptake and denitrification declines as N concentration increases and Cardinale (2011) concluded that biodiversity in aquatic ecosystems has a positive effect on nitrogen retention. At the same time, biodiversity is threatened by high nutrient loadings in freshwater and coastal waters.
Calculation of actual flow
We use the Geospatial Regression Equation for European Nutrient losses (GREEN) model (Grizzetti et al., 2005 (Grizzetti et al., , 2008 (Grizzetti et al., , 2012 to estimate the in-stream nitrogen retention in surface water, which is considered in this paper as the actual flow of service provision.
GREEN is a statistical model developed to estimate nitrogen (N) and phosphorus (P) flows to surface water in large river basins. The model is developed and used in European basins with different climatic and nutrient pressure conditions (Grizzetti et al., 2005) and is successfully applied to the whole Europe (Grizzetti et al., 2012; Bouraoui et al., 2009) . The model contains a spatial description of nitrogen sources and physical characteristics influencing the nitrogen retention. The area of study is divided into a number of sub-catchments that are connected according to the river network structure. The subcatchments constitute the spatial unit of analysis. In the application at European scale, a catchment database covering the entire European continent was developed based on the Arc Hydro model with an average sub-catchment size of 180 km 2 (Bouraoui et al., 2009) . For each sub-catchment the model considers the input of nutrient diffuse sources and point sources and estimates the nutrient fraction retained during the transport from land to surface water (basin retention) and the nutrient fraction retained in the river segment (river retention). In the case of nitrogen, diffuse sources include mineral fertilizers, manure applications, atmospheric deposition, crop fixation, and scattered dwellings, while point sources consist of industrial and waste water treatment discharges. In the model the nitrogen retention is computed on annual basis and includes both permanent and temporal removal. Diffuse sources are reduced both by the processes occurring in the land (crop uptake, denitrification, and soil storage), and those occurring in the aquatic system (aquatic plant and microorganism uptake, sedimentation and denitrification), while point sources are considered to reach directly the surface waters and therefore are affected only by the river retention.
For each sub-catchment i the annual nitrogen load estimated at the sub-catchment outlet (L i , 10 3 kg N year −1 ) is expressed as following:
where DS i (10 3 kg N year −1 ) is the sum of nitrogen diffuse sources in each catchment i, PS i (10 3 kg N year −1 ) is the sum of nitrogen point sources in each catchment i, U i (10 3 kg N year −1 ) is the nitrogen load received from upstream sub-catchments, and BR i and RR i (fraction, dimensionless) are the estimated nitrogen basin retention and river retention, respectively. In the model, BR i i s estimated as a function of rainfall while RR i depends on the river length. For more details on model parameterisation and calibration see Grizzetti et al. (2012) and Bouraoui et al. (2009) . Although simple in its structure the model GREEN is able to provide spatially distributed estimates of nitrogen river and basin retention at large scale. The actual flow of service or in-stream nitrogen retention N retained is simply derived from Eq. (1) as the share of nitrogen that not included in L i and equals:
In natural systems nitrogen retention is related to nitrogen input. A. La Notte et al. Ecosystem Services 23 (2017) 18-29 The residence time of water is a key variable for in-stream nitrogen retention since it directly affects the processing time of nitrogen within an aquatic system. Longer residence times increase the proportion of nitrogen input that is retained and removed from the water. We use modelled nitrogen retention as indicator for the actual flow of the water purification service, and this assessment in turn represents the basis for the calculation of the sustainable flow (Section 2.3.2) and the translation of this assessment from physical to monetary terms (Section 2.3.3).
Calculation of sustainable flow
Our initial hypothesis to calculate a sustainable flow of in-stream nitrogen retention is that there is a threshold in the nitrogen concentration of surface water below which the removal of nitrogen by the different ecological processes is sustainable from an ecosystem point of view. A similar threshold exists for atmospheric nitrogen deposition on terrestrial ecosystems with suggested critical nitrogen loads between 5 and 25 kg ha −1 year −1 (Bobbink et al., 2010) . Here we propose to use a tentative threshold concentration of 1 mg N l −1 (Maes et al., 2012) . This threshold is based on eutrophication risk. A global synthesis of published literature on the ecological and toxicological effects of inorganic nitrogen pollution in aquatic ecosystems suggests that levels of total nitrogen lower than 0.5-1.0 mg l −1 could prevent aquatic ecosystems from developing acidification and eutrophication (Camargo and Alonso, 2006) . For potential risk of eutrophication for European surface water related to nitrogen concentration see also Grizzetti et al. (2011) . This threshold concentration serves as an example for the purpose of this paper and will change depending on the vulnerability of different aquatic ecosystems to nitrogen loading. For instance, it does not apply for ecosystems naturally rich in nitrogen such as estuaries where a higher threshold could be used or for catchments with very vulnerable lakes where a lower threshold should be used. Spatially explicit sustainable targets for thresholds of total nitrogen concentration in freshwater systems can be set based on the European Water Framework Directive requirements for good or high ecological status.
Using data on average river flow (m 3 year −1 ) in combination with the critical nitrogen concentration (1 mg l −1 ), we can calculate the critical nitrogen loading (L crit , 10 3 kg N year −1 ) -the critical threshold below which no environmental damage is expected. Substituting the nitrogen loading L i with L crit in Eq. (1) and solving Eq. (2) for N retained we obtain:
where N crit is the critical nitrogen removal by the river network (10 3 kg N year −1 ), assuming a critical loading L crit . Next, we use the critical nitrogen load and the critical nitrogen removal function, which assumes that at or below the critical nitrogen load, the removal of nitrogen by the different ecological processes that take place in the ecosystem is sustainable and results in the optimal use of the ecosystem from an ecosystem services point of view. However, increases in nitrogen loading far above the critical loading will result in costs due to the degradation of most other ecosystem services. This hypothesis allows thus for the use of nitrogen from anthropogenic sources and the subsequent nitrogen inputs to river systems up to a level at which nitrogen concentrations reach a critical threshold. In the monetary valuation calculations nitrogen removal will be valued the most at critical nitrogen loads. The following equation is used to estimate the sustainable removal of nitrogen:
where N sustainable is the sustainable removal of nitrogen (10 3 kg N year −1 ), N crit is the critical removal of nitrogen (10 3 kg N year −1 ), L is the nitrogen loading at the outlet of each catchment (10 3 kg N year −1 ), and L crit is the critical loading of nitrogen at 1 mg N l −1 (10 3 kg N year −1 ). Eq. (4) gives the sustainable in-stream nitrogen retention, also referred to in our paper as sustainable flow. It is important to stress that the exponent factor in Eq. (4) is introduced in this study to account for trade-offs that arise between water purification and other ecosystem services in conditions where nitrogen loads and concentrations are unsustainable. Studies unlike this one which analyse multiple ecosystem services delivered by aquatic ecosystems can use simply use N crit as value for N sustainable without applying the exponent function.
Monetary valuation of nitrogen retention based on replacement costs
For the monetary valuation of water purification we adopt a 'costbased approach'. We do not use a 'damage-based approach' because of the difficulty to exhaustively identify all the benefits that could be lost if the water purification service offered by the ecosystem is no longer available. These benefits range from the availability of clean water for drinking or swimming, to the presence of fisheries, to the aesthetic perception that influences both recreational activities and real estate markets. The benefits from water purification also overlap in many cases with benefits from other ecosystem services, which risks to give rise to double counting. By using, instead, a cost-based approach rather than methodologies based on stated preferences we make an attempt to get closer to SEEA-EEA guidelines that preferably ask for exchange value estimates 7 ; as already mentioned the choice of adopting a costbased approach instead of a damage-based approach allows to deliver more robust and credible figures, even if it might result in an underestimation of the value of the ecosystem services. 8 Finally, we can operationalize the underlying concept that monetary values depend upon biophysical assessments, which is a crucial prerequisite for integrated valuation.
The rationale of a cost-based approach to valuation is well known. By (partially) cleaning up discharges from human activities, aquatic ecosystems provide for free a valuable ecosystem service and thus avoid a degradation of the ecosystem that would impact on human health and living conditions. Since human activities will not stop, there will always be the need for this ecosystem service even after river bodies will not be able to provide it any longer. The operational hypothesis of our valuation exercise is that an artificial replacement would be required in order to maintain the water purification service, and replacement would entail a cost. Considering the relevant pollution sources (mainly agriculture and livestock activities together with already treated industrial and households' discharges), the best proxy we can use as replacement cost are constructed wetlands. Wastewater treatment plants would be inappropriate because: (i) they are not applicable to the primary sector (agriculture and livestock activities) and (ii) what is discharged by the secondary sector (industrial activities) and by households is already treated by wastewater treatment plants before reaching water bodies. 9 Constructed wetlands (CW) provide ecosystem functions similar to those delivered by aquatic ecosystems. Their construction cost refers to ecosystem engineering work, which is more objective than values obtained through stated preferences, with a survey questioning citizens on the value they would place on nitrogen retention. The rationale is that artificial wetlands are also able to retain N present in relatively low concentrations, as opposed to urban wastewater treatment plants that need high concentration of the pollutant for efficient removal. A review of the value attributed to nitrogen retention is available from a previous study (La where it is clearly shown how the choice of replacement costs is 7 It must be acknowledged that the question of which valuation approaches are appropriate for the estimation of exchange values used in accounting is still a matter of discussion. 8 As already explained cost-based approach only consider producer surplus. 9 In the model GREEN the discharges from wastewater treatment plants are treated as point sources.
A. La Notte et al. Ecosystem Services 23 (2017) 18-29 very popular among environmental economists. Wastewater treatment plants are much more expensive than CW; moreover, in our valuation exercise (following subsection) we differentiate between typologies of CW in order not to overestimate the cost, in fact the more extensive typology of CW (Free Water Surface) is the less expensive solution. We thus use the cost of CWs as proxy for the valuation of nitrogen retention, which represents a proxy for water purification. Specifically, the amount of nitrogen that is retained and removed by rivers and lakes will be converted to a CW area equivalent, i.e. the total area (ha) of CW that is needed to result in the same nitrogen retention as the river network in each sub-catchment. Once we have this CW area equivalent, we calculate the costs of the corresponding typology of CWs based on cost data. Differently from previous applications undertaken on water purification (La Notte 2012a and La Notte 2015) the monetary values here are not derived from other studies but calculated ad hoc for the specific engineering works hypothesized.
The typologies of CW are differentiated according to the types of pollutant sources (Kadlec and Wallace, 2009) .
Free Water Surface (FWS) CWs are densely vegetated basins that contain open water, floating vegetation and emergent plants. They basically need soil to support the emergent vegetation. The FW constructed wetlands reproduce closely the processes of natural wetlands, attracting a wide variety of wildlife, namely insects, mollusks, fish, amphibians, reptiles, birds and mammals (Kadlec and Wallace, 2009 ). FWS-CWs are the best choice for the treatment of nutrients from diffuse primary sector activities.
Horizontal subsurface Flow (HF) CWs consist of waterproofed beds planted with wetland vegetation (generally common reeds) and filled with gravel. The wastewater is fed by a simple inlet device and flows slowly in and around the root and rhizomes of the plant and through the porous medium under the surface of the bed in a more or less horizontal path until it reaches the outlet zone. HF-CWs represent the best choice for treating point sources. Kadlec and Knight (1996) The flow Q is separated in two different sub-flows: a first one containing only nitrogen from diffuse sources, which is calculated as the product of surface basin and annual precipitation (supposing a completely impervious basin); and a second one containing only nitrogen from point sources, whereby the point input sources (kg) were converted according to Eq. (6) to a flow value (m 3 day −1 ) by using population data and by assuming person equivalents (a person equivalent corresponds to 12 g N day -1 and discharges 250 l drinking water per day).
We assumed that the nitrogen load removed by HF and FWS is proportional to the ratio between non-point and point sources discharging into the basin. In order to assess the ratio between c i and c e (Eq. (5)) we perform the calculations in Eqs. (7) and (8). For diffuse sources:
where:
L i : Load at catchment inlet (10 3 kg year −1 ) DS i : Diffuse sources at catchment (10 3 kg year −1 ) BR i : Basin retention (dimensionless) % N FWS : 1 -Percentage of point sources NR: In-stream nitrogen retention (10 3 kg year −1 ) For point sources:
where: L i =Load at catchment inlet (10 3 kg year −1 ) PS i =Point input sources to the river at catchment (10 3 kg year −1 ) % N HF =Percentage of point sources NR: In-stream nitrogen retention (10 3 kg year −1 )
Once we have the CW area equivalent, we can calculate the costs of the corresponding typology of CWs. Total costs include direct construction costs, indirect construction costs and costs of labour and material.
To include economies of scale in construction costs, we implement the relationship between surface and construction costs presented by Kadlec and Wallace (2009) , with a factor of 0.77 for the conversion US dollar to euro. 10
FWS Cost
A (€) = . 77 × 194 × 0.690 (9) where A stands for area in ha and 0.03 ha < A < 10000 ha; and HF Cost A (€) = 0.77 × 652 × 0.704 (10) where A stands for area in ha and 0.005 ha < A < 20 ha. Indirect costs (not including the cost of land acquisition 11 ) have been included as a standard percentage (30%) of construction costs. 12 Labour cost values have been extracted from the Eurostat labour statistics, which reports costs from 1997 to 2009. For countries with missing data, we estimate approximate values based on those of adjacent countries with similar economic conditions. The costs of filling materials are obtained by a direct survey conducted among CW designers and builders in different European countries and by data available in the peer-reviewed literature.
To account for price differentials across countries, construction costs have been divided in three components: (1) a fixed component (including waterproofing, excavation, plants, concrete elements, pip-10 The 0,77 was the exchange rate when our study was completed. 11 The cost of land acquisition is not considered here because of the difficulties of having an available an exhaustive database about the cost of land according to its uses for all EU member states. In La Notte et al. (2012b) an attempt is made to estimate how higher would be the value of water purification if the values include the costs of land acquisition. The results suggest that the range of values to account for could even double the initial value; building and operation costs of CWS only represent a minimum value to be considered when assessing the value of water purification. However, a more exhaustive and accurate study needs to be undertaken in order to build a reliable relationship should be established between the typology of land and the rents it generates.
12 Indirect costs usually include: Engineering and permitting activities, non-construction contractor costs, construction observation and start-up services and contingency and escalation: escalation is an allowance for inflation. Contingency is a percentage of the base cost to cover error in human judgment. Contingency allotments of 10-30% are typically used. The hypothesis of 30% is based on field experience reported by engineering companies that build CWs.
ing, etc.); (2) labour costs; (3) filling materials costs. For each country the total cost (€ m −2 ) is obtained as the sum of fixed costs, labour costs and filling material cost for HF and as sum of fixed costs and labour cost for FWS. On the ground of a series of case studies examined, we assume an operating and maintenance (O & M) cost equal to 3850 € ha -1 for FWS and 7700 € ha −1 for HF.
The building value that we calculate refers to the whole building project. What we need in our valuation is an annual flow, we thus need to calculate it. For the estimation of the annual flow from the total building costs, we can use the standard equation:
a: yearly amount of building costs (euro) Y: total building costs i: discount rate (in our application set at 3% 13 ) LE: Life Expectancy of the CW (20 years).
We should take into account on one hand the economy of scale effect, and on the other hand the fact that different countries in Europe have different costs. The two aspects cannot be calculated together because the imposition of fake thresholds would unrealistically affect the final result. We thus calculate separately the economy of scale effect and the price difference effect. After few simulations were run (La Notte et al., 2012b) , the most reliable outcomes result from the combination that considers a 70-30 breakdown, i.e. 70% of the cost is based on an assessment of the price difference effect and 30% of the cost is based on the economies of scale model (Eqs. (9) and (10)). 14
Results
We present the accounts at two spatial scales: i) at the European scale, to show how service capacity and service flow can be quantified through the accounting tables proposed by the SEEA-EEA, and; ii) at the country scale, to put sustainable and actual flow and valuation estimates into context. We report monetary estimates in constant year 2000 values: valuation is used here as a translation in monetary terms of the biophysical assessment, and including inflation in the estimates would overshadow their comparability over time. Using current rather than constant prices is obviously feasible and may be desirable for different purposes.
In Europe, over the 20-year time period considered , total nitrogen input to river basins varies between 50 and 80 millionton, the largest share originating from the agricultural sector and entering the basin as diffuse sources. This total represents the combined input of different nitrogen sources on the land after take up by crops. After basin retention (i.e. the nitrogen that is retained in soils and groundwater), around 5 million tons reach the river network. Nitrogen emissions from industries and households enter the river network as point sources and amount to 1.1 million ton of nitrogen. 15 Tables 1, 2 present stock (capacity) and flow accounts, respectively, of the delivery of water purification services by the European river network as indicated by in-stream nitrogen retention. We calculate that replacing this ecosystem service capacity would require approximately one million ha of constructed wetland, representing a net present value of between 310 billion € in 1990 and 459 billion € for the year 2005 (Table 1) .
The flows of total annual service vary between 21 and 31 billion euro assuming sustainable service delivery. The actual service flow aggregated at the European scale is worth around 16 billion euro annually (Table 2) . Economic sectors and households are the polluting subjects who actually use the water purification service. The total values aggregated for Europe suggest that the sustainable flow is higher than the actual flow. Relative values disaggregated at the country level will read differently.
The separation between the primary sector and other economic activities and households has been determined by the features of the biophysical model that explicitly differentiate retention values for diffuse source (that are indeed mostly due to agriculture activities) and point sources. The possibility to frame the results according to economic sectors (by using of course the same classification) offers the possibility to integrate this information with economic accounts, all expressed in monetary terms.
In Tables 3, 4 we report estimates expressed respectively in 10 3 kg km −1 year −1 and euro km −1 year −1 , so as to assess sustainability independently of the size of the country. Total values are mapped in Figs. 2-4 , at the European level as well as for the 34 countries covered by the model extent.
Tables 3, 4 account for the ecosystem service flow at a country level, estimated in physical and monetary terms, respectively, for 1985, 1995 and 2005 . Table 3 also presents statistics on the total size of river basins and the national river network as well as total nitrogen emissions. These latter statistics can be used to convert the accounts expressed per kilometre into national totals. The results reported in Table 3 demonstrate that for many countries the sustainable flow, measured in physical units, is below the actual flow. Consequently, (2012b) . A sensitivity analysis related to the model GREEN outcomes is reported in Grizzetti et al. (2012) . 15 All estimates related to nitrogen input can be retrieved from Grizzetti et al. (2012) .
monetary values based on physical accounts show their same pattern (Table 4 ). Please be aware that sustainable flow does not represent the whole possible flow. It does represent the level of the flow that can be used without degrading the capacity of the ecosystem to provide it. Actual flow can indeed be higher than the sustainable flow but this over-exploitation will affect the degradation of the ecosystem and thus future levels of sustainable flow. Furthermore, Table 3 shows that in most countries total nitrogen emissions have gradually declined between 1985 and 2005 (see Bouraoui et al., 2011 and Grizzetti et al., 2012 for an analysis of changes in nutrient water emissions in Europe in the last decades). Given the positive relation between nitrogen input and actual in-stream nitrogen retention, the physical flow accounts follow this emission trend and show, on average, a decline in the average amount of nitrogen retained per unit length of river network. How far a country is from a sustainable situation depends on the magnitude of past N inputs. Consider the Netherlands (Table 3) : they have substantially decreased N input in the last 15 years, but the difference between actual N emissions and the sustainable limit is nonetheless the largest in Europe. For almost all countries the actual flow is higher than the sustainable flow, which means that river ecosystems in Europe are progressively degrading as a result of nitrogen pressure. Sustainable use is achieved in Estonia, Finland, Norway and Sweden, where actual flows for 2005 were on average lower than the sustainable flows. In all other countries considered, in-stream nitrogen retention occurs at unsustainable levels.
The apparently contrasting results between Tables 1-4 offer few lines of thought. Considering absolute values (sum of the total) provide a rather different picture than relative values (average per km); it is thus important to establish what is the figure we choose to analyse and for what purpose. Moreover, the countries to be included does affect the final value: including or omitting one or few countries can overturn the results, if these countries have economic activities with a highly impacting effect and/or a considerable size.
A few important points are worth highlighting. (i) The capacity to generate sustainable nitrogen retention, shown in Fig. 2 , and the sustainable flow (Fig. 3) exhibit the same distribution, but with a different order of magnitude. 16 Whereas (ii) both distribution and order of magnitude differ in the trend of actual flows (Fig. 4) relative to capacity. (iii) Sustainable flow (Fig. 3 ) and actual flow (Fig. 4 ) exhibit different distributions but same order of magnitude.
Interesting observations emerge also from the monetary flow accounts (Table 4) . Firstly, variation between countries is much higher than observed in the physical accounts. This is largely the result of different price levels among different countries in Europe, with highest values for Scandinavian countries and lowest values for Balkan countries. Secondly, the annual variation in actual flow within countries is limited as a result of the high fixed costs relative to variable costs used in the replacement cost model. These points will be discussed more in depth in the Discussion.
The accounts reported in Table 1 (capacity intended as a stock measure) should always be consistent with those reported in Table 2 (flows). Consistency is guaranteed by the use of the same biophysical model to which, in the case of the assessment of sustainable flows, a critical threshold concentration is applied. Finally, it should be recalled that the nitrogen retention takes place in soils, surface water including streams, river and lakes, wetlands, and coastal and marine sediments. Our accounts, however, are limited to the river network.
Discussion
The crucial note we address with this case study is the definition, in accounting terms, of stocks and flows of ecosystem services. Ecosystem services depend on the functioning and health of the ecosystem as a whole. Ecosystem resilience is related to the capacity of ecosystems to generate ecosystem services, now and in the future. However, the notion of capacity is controversial. In Burkhard et al. (2014) a difference is made between 'ecosystem service potential' (used as synonym of capacity), defined as the hypothetical maximum yield of selected ecosystem services, and 'ecosystem service flow', defined as the used set of ecosystem services. This definition of ecosystems services potential (or capacity) follows the notion of stock, as long as it is clear that 'ecosystem service potential' differs from 'ecosystem service potential supply'. Potential supply versus actual flow is what we define as sustainable flow versus actual flow. In Villamagna et al. (2013) service capacity is the 'ecosystem's potential to deliver services based on biophysical properties, social condition, and ecological functions ' (p. 116) . This definition theoretically links ecosystem services to the notion of stock. However, in both Villamagna et al. (2013) and Schröter et al. (2014) , examples are provided in which the flow of ecosystem service can be higher than the capacity. In our approach we suggest that accounting notion of capacity should be defined as the stock generating the sustainable flow. Thus, the actual flow can be higher than the sustainable flow, but the result is a depletion of the ecosystem's capacity to generate future flows.
Our application identifies several challenges that need to be addressed before a standard framework for integrated ecosystem and economic accounting can be proposed. The first is the difference between potential flows and sustainable flows. Potential flow is the maximum flow of a given service that the ecosystem is able to generate; sustainable flow is the flow that does not exceed the regeneration rate. For provisioning services it is possible to quantify the difference between the two. For regulating and maintenance services it is possible to measure the sustainable flow once a sustainability threshold has been identified, but it is unclear whether it would be possible to measure potential flow. This is a key point that needs to be addressed in order to make the accounting for ecosystem services operational and rigorous. Even establishing a sustainability threshold is not trivial because the conditions and vulnerability of ecosystems vary in space and time.
One feature of our application that needs to be highlighted is the use of constructed wetlands for valuing the NPV of water purification sustainable flow. Ideally the quantification of ecosystem capacity (in our application: the NPV of the sustainable flow) and services (actual and sustainable flows) should be based on the assessment undertaken in physical terms and not be dependent on the valuation methodology. In many cases, however, this turns out to be not possible. In our case study, for example, the available biophysical model (GREEN) is based on a statistical approach, using regression analysis to build a statistical relation between retention and explanatory variables such as land cover, climate, and so on. The model does not include equations representing the physical functions of the ecosystem. For future applications and wherever possible, process-based models should be used to quantify stock-capacity and flow-service. 17 Directly related with the choice of using CWs as replacement cost is the choice of lifetime of the resource and of the discount rate used in calculating the Net Present Value (i.e. the lifetime of the resource in terms of number of years depends on constructed wetlands as an engineering work rather than on water purification as an ecosystem service). Moreover, we not only consider operation and maintenance costs (that are annual costs) but we also 'incorporate' building costs considered over the 20 years of the CW life. One important consequence is that fixed costs play the most important role, consistently with our hypothesis that substitute costs (building and annual maintenance of artificial capital) have to be incurred once natural processes have been impaired. Underlying assumptions must however be kept in mind when comparing monetary values resulting from different valuation techniques. Finally, although CW are likely to affect the concentration of other pollutants and to provide other ecosystem services, we only related CW to nitrogen emissions, the pollutant we used as proxy of anthropic pressure on the water purification service. In a future application the application of the whole cost should be maybe reproportionated based on feasible hypotheses.
Another point highlighted by our application is the critical role played by the way in which the sustainability threshold is calculated and spatially differentiated according to physical conditions. The latter, A. La Notte et al. Ecosystem Services 23 (2017) 18-29 in fact, causes the sustainable flow be very sensitive to changes in emissions. A sensitivity analysis (available as Supplementary Material) has been conducted and we demonstrate that the drivers of changes in the final outcome mainly depend on the biophysical assessment: 56% depends on the model input and parameters, 27% depends on the parameters used to size the area of CW necessary to retain the amount of N and only 17% depends on the purely economic figures, i.e. building and O & M costs and their coefficients, the discount rate and life expectancy of the CWs. As a final note, the exercise presented in this paper shows once more that quantifying and valuing ecosystem services often involves complex, fit for purpose models. This imposes heavy reliance on derived data. If developing data standards is generally considered one of the objectives of ecosystem service accounting, we therefore suggest that a standard on metadata settings (e.g. Crossman et al., 2013) , in addition to a standard for data, is equally required.
Conclusions
Ecosystem service accounting is in its infancy and substantial work is needed to refine and test methods for use in National Accounts. Our case study addresses the issue of capacity in integrated ecosystem and economic accounting by structuring ecosystem services within a consistent stocks and flows perspectivesomething not fully addressed in previous applications of ecosystem services accounting.
The first key message from our application is that capacity can be calculated for ecosystem services one-by-one. The second key message is that capacity can be intended as the stock that provides the sustainable flow of the service. The third key message is that the sustainable flow must be calculated jointly with the actual flow. Current use of any ecosystem service should be assessed against sustainable use. The capacity should describe the sustainable flow of each service that the ecosystem can generate, even if not currently fully exploited.
The common underlying element underneath the first two messages is that the physical flow accounts provide the basis upon which other accounting tables are built.
By calculating capacity and flow, in our case study, we demonstrate how to make the theory and concepts described in the SEEA-EEA operational for use in upcoming standards of integrated ecosystem and economic accounting.
